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INTRODUCTION

Human activities exert intensifying and novel destabilizing forces 
on ecosystems and species. These forces have already led to 
extinctions and shifts in ecosystems (Ceballos et al. 2017). The 
typically low intrinsic population growth rate (Schreiber & Burger 
2002) of pelagic seabirds (order: Procellariiformes) render them 
particularly vulnerable to sustained incidental mortality due to 
human activities. These activities include (i) the introduction of 
invasive mammalian predators at breeding sites (Jones et al. 2008, 
Towns et al. 2011) and (ii) anthropogenic marine stressors, such as 
pollution, fisheries bycatch and competition, and climate change 
(Provencher et al. 2019, Rodríguez et al. 2019). These threats can 
act on a given seabird species simultaneously (Lawler et al. 2002, 
Barbraud et al. 2012), they can be separated by time and/or space 
(Sutherland et al. 2012), or they can target different stages in a 
species’ life cycle (Votier et al. 2009). Consequently, seabirds are 
one of the most threatened taxa in the world, with 63 out of the 
total 147 procellariiform seabird species being currently classified 
as Vulnerable or worse (IUCN 2021). 

Quantifying the population-level impacts of single or multiple 
anthropogenic marine threats is challenging because we lack detailed 

demographic information for most of the extant procellariiform 
seabird species (Dias et al. 2019, Rodríguez et al. 2019, BirdLife 
International 2021). Monitoring following predator eradication at 
breeding sites is sparse or absent (Buxton et al. 2014). This limitation 
belies our ability to accurately assess how at-sea pressures might 
impact species recovery following predator eradication (Kappes 
& Jones 2014, Brooke et al. 2018). The resulting uncertainty is 
confounded by (i) the challenges of quantifying at-sea mortality, 
(ii) the sub-lethal effects of marine stressors on population viability 
(Lavers et al. 2014, Tanaka et al. 2015, Clukey et al. 2018), and 
(iii) the lack of knowledge regarding how multiple stressors interact 
or cumulate to affect seabird population trends (Burthe et al. 
2014). Such limitations make it challenging to address how current 
conservation strategies that mitigate one threat intersect with other 
threats to impact seabird population recovery. 

Here, we used a demographic modelling approach to explore 
the impact of multiple marine threats on the recovery of seabird 
colonies following invasive predator eradication. Our study tests 
the following hypotheses: (H1) The expected annual mortality 
from the interacting marine threats of fisheries bycatch, plastic 
pollution, and climate change/fisheries depletion will exceed the 
expected population recovery of a colony after predator eradication; 
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and (H2) the risk of marine threats for a species can be inferred 
from phylogenetically shared morphometric and ecological traits. 
Support for H2 would provide an approach to predict population 
recovery from closely related seabird species when mortality data 
from marine threats is lacking. 

METHODS

To test H1, we first estimated the annual mortality threshold 
(AMT) for separate populations of 16 seabird species on 23 widely 
distributed islands (Fig.  1, Richard et al. 2017). AMT is defined 
as the number of adults in a population that can be removed 
annually with the population remaining demographically stable 
(population growth rate rmax = 0) or increasing (rmax > 0; Richard et 
al. 2017; Fig. A1 in Appendix 1, available online). This approach is 
appropriate for petrels and albatross because they tend to be long-
lived, with life-history theory predicting that adult survival is a key 
to their population dynamics (Weimerskirch 2002, Schreiber & 
Burger 2002). We then calculated the risk ratio of local population 
extinction to each of the aforementioned marine threats for 
16 seabird species from 36 colonies on 23 islands where predators 
have been eradicated and for which data on demographic rates and 
population size are available (Table 1, Fig. 1). 

To test H2, we used an expanded dataset of 81 procellariiform 
seabirds for which demographic data were available (Appendix 2). 
We applied phylogenetic comparative tools to explore whether 
key morphometric (mean adult body mass) and ecological 
(primary foraging strategy, primary diet, and at-sea distribution) 
characteristics predict species’ population vulnerability to marine 
threats, using the AMT approach as a proxy. To validate our metrics 
of population performance and vulnerability for the 81 species 

included in our H2 analysis, we checked them against the IUCN 
Red List categories (IUCN 2021). 

Most procellariiforms breed on remote islands, so collecting 
accurate demographic data consistently can be logistically and 
financially challenging, resulting in significant uncertainty of 
parameter estimates (Richard & Abraham 2013). Sources of bias 
and error in the demographic parameters may stem from multiple 
factors. For example, the estimates of adult survival for most 
species are likely to underestimate natural mortality rates. This 
is because it is impossible to remove the effect of anthropogenic 
sources of mortality from studies. Further, natural mortality data are 
imprecise because dispersal and emigration are rarely investigated. 
To account for these uncertainties, we applied a Monte Carlo 
process with 5 000 iterations sampled from distributions identified 
during data wrangling in which we fitted each parameter estimate 
(adult survival, at-sea distribution, age at maturity) to multiple 
distributions and used the most appropriate distribution for each 
parameter (detailed below). 

Statistical methods

To calculate the AMT, we expanded the Demographic Invariant 
Method (DIM, Niel & Lebreton 2005). The DIM combines matrix 
population models (Caswell 2001) and allometric relationships to 
calculate the maximum annual growth rate, λmax (Niel & Lebreton 
2005, Dillingham et al. 2016, Richard et al. 2017). A strength 
of the DIM over other demographic approaches (e.g., population 
viability analyses; Chaudhary & Oli 2020) is that it requires 
minimal demographic information to estimate (i) the intrinsic 
annual population growth rate of a species’ population under 
optimal conditions and (ii) the AMT for the species. Using the DIM 
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Fig. 1. Colony locations of the 16 species assessed for impacts of marine threats to colony recovery following predator eradication.
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TABLE 1
Model estimates for each colony including population size, annual mortality threshold, and potential mortality from each of the marine 

threats of fisheries bycatch, plastic ingestion, and climate change/prey depletion, given as the mean and standard deviation (sd) of the meana

Species 
(IUCN status)

Colony 
(region)b

Population  
size  
(sd)

Annual 
mortality 
threshold  

(sd)

Fisheries 
bycatch 

mortality  
(sd)

Plastic 
ingestion 
mortality  

(sd)

Climate 
change/prey 

depletion 
mortality (sd)

Risk  
ratio  
(sd)

Calonectris diomedea (LC) La Scola (Italy) 131 (165) 5 (5.8) 3.28 (4.61) 0.12 (0.02) 0.14 (0.02) 3.55 (4.62)

Ardenna carneipes (NT)

Lady Alice (NZ) 3 510 (5174) 118 (176.0) 0.98 (1.49) 0.12 (0.02) 0.15 (0.02) 1.25 (1.50)

Ohinau (NZ) 7 367 (10 459) 246 (342.1) 0.94 (1.38) 0.12 (0.02) 0.15 (0.02) 1.22 (1.38)

Whatupuke (NZ) 4 196 (5 991) 139 (194.8) 0.91 (1.26) 0.12 (0.02) 0.15 (0.02) 1.19 (1.26)

Coppermine (NZ) 4 723 (6 421) 185 (258.8) 0.81 (1.18) 0.10 (0.01) 0.13 (0.01) 1.04 (1.18)

Ardenna pacifica (LC)

Oahu (Hawaii) 5 811 (9 688) 256 (438.8) 0.74 (1.14) 0.05 (0.01) 0.12 (0.02) 0.91 (1.14)

Kadomo (Fiji) 1 377 (20 212) 61 (91.3) 0.73 (1.03) 0.05 (0.01) 0.12 (0.02) 0.90 (1.04)

Serrurier (Australia) 60 806 (85 885) 2 681 (3 943.7) 0.71 (1.05) 0.05 (0.01) 0.12 (0.02) 0.88 (1.06)

Surprise (New 
Caledonia) 511 (689) 22 (31.4) 0.70 (1.08) 0.05 (0.01) 0.12 (0.02) 0.87 (1.08)

Monuriki (Fiji) 3 505 (4 811) 154 (220.2) 0.69 (0.91) 0.05 (0.01) 0.12 (0.02) 0.86 (0.91)

Jarvis (United States) 167 (223) 7 (10.2) 0.69 (0.87) 0.05 (0.01) 0.12 (0.02) 0.86 (0.88)

Puffinus puffinus (LC)
Lundy (UK) 500 (639) 11 (16.5) 0.00 (0.00) 0.21 (0.11) 0.27 (0.14) 0.49 (0.25)

Ramsey (UK) 1 416 (2 155) 33 (56.7) 0.00 (0.00) 0.21 (0.10) 0.27 (0.13) 0.48 (0.24)

Bulweria bulwerii (LC) Selvagem Grande 
(Portugal) 1 743 481 (2 401 203) 45 177 (67 917.4) 0.00 (0.00) 0.19 (0.05) 0.20 (0.05) 0.39 (0.09)

Pterodroma pycrofti (VU)
Red Mercury (NZ) 35 222 (54 520) 912 (1 443.2) 0.00 (0.01) 0.17 (0.04) 0.20 (0.05) 0.37 (0.09)

Aorangi (NZ) 133 (178) 3 (4.6) 0.00 (0.01) 0.16 (0.04) 0.20 (0.05) 0.37 (0.09)

Pterodroma cookii (VU) Hauturu (NZ) 43 165 (58 440) 1 095 (1 527.3) 0.00 (0.00) 0.16 (0.02) 0.20 (0.03) 0.36 (0.05)

Pterodroma gouldi (LC)

Hauturu (NZ) 98 (125) 3 (3.5) 0.01 (0.01) 0.12 (0.03) 0.20 (0.05) 0.33 (0.08)

Burgess (NZ) 2 562 (3 561) 66 94.5) 0.01 (0.02) 0.11 (0.03) 0.20 (0.05) 0.33 (0.08)

Atihau (NZ) 10 280 (14 348) 266 (358.3) 0.01 (0.02) 0.11 (0.03) 0.20 (0.05) 0.33 (0.08)

Motuharekeke (NZ) 2 571 (3 608) 66 (93.3) 0.01 (0.01) 0.11 (0.03) 0.20 (0.05) 0.33 (0.08)

Otata (NZ) 814 (1045) 21 (26.7) 0.01 (0.02) 0.11 (0.03) 0.20 (0.05) 0.33 (0.08)

Moutohora (NZ) 69 695 (96 614) 1 812 (2 641.2) 0.01 (0.02) 0.11 (0.03) 0.20 (0.05) 0.33 (0.08)

Puffinus assimilis (LC)

Burgess (NZ) 1 143 (1 775) 47 (73.3) 0.00 (0.00) 0.12 (0.02) 0.13 (0.02) 0.24 (0.03)

Red Mercury (NZ) 3 350 (4 524) 137 (184.7) 0.00 (0.00) 0.12 (0.02) 0.13 (0.02) 0.24 (0.03)

Atihau (NZ) 1 161 (1 607) 48 (67.9) 0.00 (0.00) 0.12 (0.02) 0.12 (0.02) 0.24 (0.03)

Ardenna bulleri (VU) Aorangi (NZ) 25 261 (33 957) 872 (1 201.5) 0.00 (0.00) 0.09 (0.01) 0.15 (0.02) 0.24 (0.03)

Puffinus gavia (LC)
Atihau (NZ) 1 055 (1 497) 43 (60.5) 0.01 (0.01) 0.11 (0.02) 0.13 (0.02) 0.24 (0.03)

Hauturu (NZ) 253 (345) 10 (14.5) 0.01 (0.01) 0.10 (0.01) 0.13 (0.02) 0.23 (0.03)

Pterodroma ultima (NT) Oeno (UK) 22 037 (28 992) 957 (1 271.6) 0.01 (0.01) 0.09 (0.01) 0.12 (0.01) 0.21 (0.03)

Ardenna grisea (NT) Lady Alice (NZ) 95 (117) 5 (5.7) 0.00 (0.00) 0.09 (0.01) 0.11 (0.01) 0.20 (0.02)

Fregetta maoriana (CR) Hauturu (NZ) 7 906 (11 148) 559 (798.7) 0.01 (0.02) 0.05 (0.01) 0.07 (0.01) 0.14 (0.03)

Pelecanoides urinatrix (LC)

Atihau (NZ) 2 524 (3 141) 205 (256.6) 0.00 (0.01) 0.03 (0.00) 0.06 (0.01) 0.09 (0.01)

Burgess (NZ) 70 153 (95 301) 5 693 (7 819.0) 0.00 (0.01) 0.03 (0.00) 0.06 (0.01) 0.09 (0.01)

Hauturu (NZ) 814 (1 004) 66 (83.2) 0.00 (0.01) 0.03 (0.00) 0.06 (0.01) 0.09 (0.01)

Pelagodroma marina (LC) Burgess (NZ) 43 617 (58 281) 3 388 (4 562.2) 0.00 (0.00) 0.01 (0.00) 0.07 (0.01) 0.08 (0.01)

a The high risk (> 1) for Calonectris diomedea and Ardenna carneipes was driven predominantly by mortality from fisheries (in bold). The 
risk ratio was calculated as potential mortalities per year divided by the annual mortality threshold (Richard & Abraham 2013); when this 
risk ratio is ≥ 1, adult mortality from each of the evaluated threats may impede the recovery of a colony, even after predator eradication. 
For the remaining 36 colonies of 16 species that we analysed, the risk ratio was < 1, implying that these populations are resilient to marine 
threats following predator eradication. Colony locations are shown in Fig. 1. 

b NZ, New Zealand; UK, United Kingdom
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approach, we estimated the AMT for 81 seabird species (Fig. A2 
in Appendix 1) to test both H1 and H2 with equation 1 (Richard et 
al. 2017):

(1) AMT = 1_
2 rmaxN

where N is the estimated population size and rmax, or the population 
growth rate above replacement per generation, is calculated from 
equation 2 (Niel & Lebreton 2005, Richard et al. 2017): 

(2) rmax = λmax – 1

Estimates of mean age at maturation (α), adult survival (s), and 
population size (N) used to calculate λmax and the AMT are defined 
by the mean and standard deviation from various data sources. The 
data for α, s, and N were taken from the Bird Demographic Database 
(BIDDABA; Lebreton & Gaillard 2012), the COMADRE Animal 
Matrix Database (Salguero‐Gómez et al. 2016), peer-reviewed 
literature, and online data sources (BirdLife International, birdlife.
org/datazone/species and New Zealand Birds Online, nzbirdsonline.
org.nz); these data are compiled in Appendices A2 and A3. 

We used the mean α, which may be estimated from a small sample 
size, leading to either an over- or underestimation. In such cases, 
the λmax will be over- or underestimated. Uncertainties in α were 
incorporated into model outputs using a Monte Carlo process with 
5 000 iterations sampled from the gamma distribution and expressed 
as the mean and standard deviation of the mean. The shape and rate 
of the sampling distribution, including biologically realistic bounds 
(e.g., individuals >  1 year) were calculated using the function 
gamma.parms.from.quantiles (Joseph & Bélisle 2012) and the 
function rgamma from the base R package (R Core Team 2013). 

Mean adult survival rates for procellariiforms are typically > 90% 
(Richard & Abraham 2013). For the risk analysis of 16 species, we 
used the highest value of s reported in the literature. We assumed 
that this survival estimate was likely to be closest to adult survival 
in the absence of predators, given the available habitat and absence 
of introduced predators on the islands (Borrelle et al. 2018). We did 
not account for adult mortality due to other sources of mortality 
on land. We assumed that this approach allowed us to estimate 
the potential impacts on a population specifically from the marine 
threats evaluated. Where data on adult survival for a species were 
unknown (n  =  3), we assumed that annual adult survival was 
0.93 ± 0.03 (Brooke et al. 2010). To account for these uncertainties 
in adult survival s, the mean and standard error were derived by 
calculating the logit of the mean using a Beta distribution and then 
these were back-transformed. The standard deviation (sd) of the 
logit of the mean for s (S̄ ) was calculated using the Delta method, 
which is a general method to derive the variance of a function 
(shown in equation (3), Richard & Abraham 2013):
 

sd(logit(S̄ ))(3) sd(S̄ ) = –––––––––
 S̄ (1–S̄ )

The required demographic information to calculate λmax are α, s, 
and an allometric constant arT = 1 (sensu Niel & Lebreton 2005), 
as shown in equation (4). The allometric constant describes 
the relationship between the optimal generation time and λmax, 
which Neil and Lebreton (2005) found to be approximately 1 for 
13 bird species. 

(4) λmax = e[arT(α+s/(λmax–s))-1]

We assumed that changes in adult survival from marine threats were 
influenced mostly by breeding adults, and we thus do not account 
for effects on adults on sabbatical, immature individuals, or floaters 
(birds that do not have a nest site). We also assumed adult survival 
to be equal between sexes and age classes. No seasonality and 
cryptic mortality was accounted for, which may underestimate the 
impact of marine threats on some populations (Genovart et al. 2017, 
Gianuca et al. 2017). 

Population estimates for each colony are needed to calculate the 
AMT. However, estimates of the population size for most species 
are associated with high uncertainty. This, in part, is because 
many of the population surveys we found come from data that is 
more than eight years old, and in most cases, there is a paucity 
of details about survey methods. Population estimates may come 
from a one-off survey, which may have been a good or bad year 
for individuals choosing to breed (Frederiksen et al. 2004), thereby 
over- or underestimating breeding pair numbers. In addition, these 
counts may not accurately tally non-breeding birds (i.e., immature 
individuals, those on sabbatical, or floaters). Further, accurate 
calculation is made more challenging by immature birds spending 
their first few years at sea before returning to the colony to breed 
and by some adults taking sabbaticals from breeding (Warham 
1990, Richard & Abraham 2013). For the phylogenetic comparative 
analysis, we used the minimum total population estimates as per the 
IUCN Red List and BirdLife International (BirdLife International 
2021, IUCN 2021). When only estimates of breeding pairs were 
available, we multiplied the breeding pair estimate by 2.3, which 
includes ~30% for non-breeders (n  =  2; Slotterback 2020). To 
account for this uncertainty, we estimated the mean and standard 
deviation of the population size N using a Monte Carlo simulation 
with 5000 iterations from a normal distribution at 0.05 intervals. 

Marine threat impact 

To test H1, we examined 36 colonies spanning 16 species across 
23 islands worldwide (Fig.  1) where invasive predators have 
been eradicated and for which detailed demographic and threat 
impact data are available. By using this subset, we assumed that 
the populations were minimally affected by terrestrial threats: i.e., 
recovering from the pressure of invasive mammalian predators 
following predator removal, minimal density-dependence effects, 
no limit of available habitat, and no resource limitations (further 
details in Niel & Lebreton 2005, Ismar et al. 2014, and Borrelle et 
al. 2018). To explicitly consider the impacts of this assumption in 
our outputs, we used the upper bound of adult survival s and the 
colony size as N. The following sections detail the estimation of 
annual mortality for the 16 species by three key agents in our model.

Fisheries bycatch

We used the mean annual potential mortality from fisheries 
from Richard et al. (2017) for 12 of the seabird species included 
in the colony analysis (Appendix 2). The estimates of annual 
potential fatalities come from the database for Protected Species 
Bycatch (https://protectedspeciescaptures.nz/PSCv6/, hosted by 
New Zealand’s Ministry for Primary Industries) from four fishing 
methods: trawl, surface long-line, bottom long-line, and set nets 
from the New Zealand exclusive economic zone for 2006/07 to 
2014/15. Estimates for Calonectris diomedea were from Belda 
& Sánchez (2001). The species Bulweria bulwerii, Pterodroma 
ultima, and Puffinus puffinus were considered to be at low risk 
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from fisheries because they are not commonly reported as bycatch 
in the literature (IUCN 2021). We assumed that the proportion 
of adults in the total population potentially killed by fisheries 
would be the same proportion for each colony we evaluated. To 
account for the uncertainty in these estimates, we sampled the 95% 
credible intervals from a log-normal distribution using a Monte 
Carlo simulation of 5000 iterations using the mean reported in the 
literature (Appendix 3).

Plastic pollution

We calculated the proportion of the population at risk from 
mortality due to ingesting plastics using the average frequency of 
occurrence of plastic reported for each species from a literature 
search (Appendix 2). Because the mortality from plastic ingestion 
was unknown at the population level, we assumed it was low 
(i.e., 0.5% of the population), and we sampled the mean and 95% 
credible intervals from a log-normal distribution with a Monte 
Carlo simulation of 5 000 iterations to generate uncertainty around 
this estimate. To account for the uncertainty in the estimate of the 
proportion of individuals killed from ingesting plastic, we tested 
the sensitivity to 1% and 5% adult mortality rates (Figs. A3 and A4 
in Appendix  1). The results presented below are not analytically 
different from the plastic mortality level detailed above at 0.5%. 

Climate change and prey depletion

Prey availability for seabirds is affected by both climatic changes 
and fisheries (Jenouvrier 2013, Oro 2014, Grémillet et al. 2018), 
which we evaluate together in this scenario. Despite impressive 
research efforts that indicate seabirds are vulnerable to interannual 
and episodic climatic changes that affect prey abundance and 
distribution (Jenouvrier 2013, Oro 2014), there is high uncertainty 
in our model to predict adult mortality from these pressures. This 
is due to the difficulty in quantifying adult mortality directly due to 
the complex interactions affecting prey distributions and abundance 
(Oro 2014, Sæther & Engen 2010), and it is further confounded 
by the lack of published studies on the effects of climate change/
prey depletion for the 16 species included in our marine threats risk 
analysis. In the absence of peer-reviewed estimates of the impact 
of climate change and prey depletion on mortality in a population 
(Grémillet et al. 2018, Wilcox et al. 2018, Dias et al. 2019), we 
explored the effects of prey change on the annual mortality rate. 
We assumed these impacts would result in 0.5% mortality of the 
adult population for each colony of the 16 studied species. To 
account for the high uncertainty in this estimate, we used a Monte 
Carlo simulation with 5 000 iterations drawn from a log-normal 
distribution, with a mean 0.005 and standard deviation of 0.0005. 
We also ran scenarios testing adult mortality rates of 1% and 5% of 
the population for each colony to demonstrate population impacts 
with greater mortality rates (Figs. A5 and A6 in Appendix  1). 
As more data become available to better estimate adult survival 
directly, a more accurate result will be possible. See Appendix 1 for 
further discussion on uncertainty. 

To calculate the proportional per capita mortality rate for each of 
the colonies evaluated, we used the annual potential mortalities 
from each of the threats and divided them by the colony population 
size. We then calculated the risk of a species to each of the above 
stressors and combined potential mortality from all threats together. 
The risk ratio is calculated as potential mortalities per year, divided 
by the AMT (Richard & Abraham 2013). A ratio close to one or 

above one means that the species is at high risk of ‘over-harvesting’ 
by marine threats. All statistical analyses were carried out in R (R 
Core Team 2013). 

Influence of traits on vulnerability to marine threats

To test H2, we used an expanded dataset that included 81 species 
in the order Procellariiformes (55% of all procellariiform species) 
for which demographic data were available (Appendix  3). Here, 
we used the total global population estimate. We performed 
phylogenetic generalised least squares (PGLS) regression analysis, 
using the AMT as the independent variable. Due to shared ancestry, 
closely related species were expected to share similar trait values 
(Symonds & Blomberg 2014). Evidence suggests that the key 
morphometric traits (e.g., mean adult body mass) and ecological 
characteristics (e.g., foraging strategy, diet, and at-sea distribution, 
the latter referring to breeding and non-breeding/migration 
distribution obtained from the Seabird Tracking Database; BirdLife 
International 2020) are preserved among species. Evidence also 
suggests that these characteristics are good indicators of a species’ 
likelihood to interact with fishing vessels (Genovart et al. 2017), 
their likelihood of ingesting plastics (van Franeker & Law 2015), 
and/or their overall risk of extinction (e.g., mean adult body size, 
Gaston & Blackburn 1995; at-sea distribution, Bærum et al. 2019). 

A phylogenetic understanding of how different species react to each 
threat would allow managers to infer risk to a species for which 
only poor data is available regarding a given variable of interest 
(e.g., risk ratio) based on available demographic and ecological 
data from closely related species. We estimated Pagel’s λ (not to 
be confused with population growth rate λ) with PGLS for each of 
our traits of interest: body mass, foraging strategy, diet, and at-sea 
distribution. Pagel’s λ is a scaling parameter for the phylogenetic 
correlation between species, and it ranges between 0 (phylogeny 
plays no role in determining trait variation across the studied 
species) and 1 (trait variation is fully explained by the structure 
of the phylogeny, assuming a Brownian motion model of trait 
evolution; Freckleton et al. 2002, Symonds & Blomberg 2014). We 
obtained the Jetz et al. (2012) bird phylogeny, which contains time-
calibrated phylogenetic relationships from conserved regions of the 
genomes of 9 993 extant bird species. We manipulated the tree to 
prune it to our expanded dataset of 81 seabird species to calculate 
Pagel’s λ using the R  packages “phytools” (Revell 2012), “ape” 
(Paradis et al. 2004), and the function pgls in the “caper” R package 
(Orme 2018). We used the annual mortality limit for a species as 
our response due to its strong relationship with the IUCN Red List 
threat criteria (and thus extinction risk), and our key explanatory 
variables were the traits described above. 

RESULTS

Our first hypothesis, H1, was that expected annual mortality from 
cumulative marine threats would exceed the expected population 
recovery of a colony after predator eradication. Under a conservative 
scenario, where the adult mortality related to climate change/
prey depletion and to the ingestion of plastic pollution for each 
population are each set to 0.5% per annum and where mortality 
from fisheries bycatch is estimated from the literature, H1 is false. 
Instead, we found that 88% (14 out of 16) of the seabird population 
recoveries in our risk analysis were not significantly impacted 
by these combined marine threats (Fig.  2). However, for five 
colonies of two closely related species—C. diomedea and Ardenna 
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carneipes—recovery after predator eradication was significantly 
impeded by marine threats (Table  1; Figs. 2, 3). Moreover, our 
sensitivity analysis revealed that if mortality from climate change/
prey depletion and plastic ingestion affected 1% and 5% of the 
populations, then 9% and 12% of the colonies, respectively, 
would experience impeded recovery due to marine threats (Fig. 2, 
Figs. A3–A6 in Appendix 1).

Our second hypothesis, H2, was that risk from multiple threats can 
be inferred from closely related species. Our phylogenetic analyses 

examined species traits that might predict the AMT of the 81 species 
to test H2; that is, to see whether certain traits make a species more 
or less vulnerable to marine threats (Fig. 3A). The model retained 
at-sea distribution and biomass (Fig. 3B), along with the foraging 
strategies of surface filtering and pursuit diving (Table  A2 in 
Appendix  1). These relationships were weak, suggesting that H2 
is also false when using the statistical significance threshold of 
alpha = 0.05. At the species level (rather than the colony level), the 
AMT estimates for the 81 species in our analysis were congruent 
with IUCN Red List threat categories (Fig.  4A). However, our 

Fig. 2. The relative contributions of the marine threats of mortality from fisheries bycatch/prey depletion (species specific; see Appendix 1, 
available online), plastic pollution (0.5% annual mortality; n = 36), and climate change (0.5% annual mortality) for the colonies of 16 species 
on 23 islands where predators have been eradicated. The risk ratio was calculated as potential mortalities per year divided by the annual 
mortality threshold (Richard & Abraham 2013); when this risk ratio is ≥ 1, adult mortality from each of the evaluated threats reduces the 
resilience of a colony even after predator eradication.
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model results indicated that either there are other factors that may 
more strongly influence a species’ risk from marine threats (such 
as individual behaviour) or that there are multiple factors whose 
magnitude of impact affects species differently. 

Species with smaller at-sea distributions had lower AMTs, although 
models explained only 14% of the variance. This finding suggests 
weakly that these species may be more resilient to marine threats 
than those with larger distributions (RAdj

2 = 0.14, t = 3.7, P < 0.001, 

Fig. 3. The risk ratio for the 36 colonies of 16 species, on 23 islands (Fig. 1) where invasive predators have been eradicated. The risk ratio 
was calculated as potential mortalities per year divided by the annual mortality threshold (Richard & Abraham 2013); when this risk ratio is 
≥ 1, adult mortality from each of the evaluated threats may impede the recovery of a colony even after predator eradication. Colours for each 
species correspond to the IUCN Red List status: Least Concern (LC) is dark green, Near Threatened (NT) is light green, Vulnerable (VU) is 
yellow, Critically Endangered (CR) is red.
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Fig. 4B). The vulnerability of a species and their spatial distribution 
was strongly conserved among closely related species (Pagel’s 
λ  =  0.83, 0.42–0.97; see Appendices and Table  A3). Mean adult 
body mass explained only 9% of the AMT (RAdj

2 = 0.09, t = −2.8, 
P = 0.02, Pagel’s λ = 0.52, confidence interval (CI) = 0.06–0.87, 
P  < 0.001; Fig.  4C). Surface-filtering and pursuit-diving seabirds 
were less resilient to marine threats than species with other 
foraging strategies (RAdj

2 = 0.24, f = 13.18, PAdj < 0.001 for surface-
filtering species; RAdj

2 = 0.18, f = 11.18, PAdj < 0.001 for pursuit-
diving species; Table  A3 in Appendix  1). This relationship was 
highly preserved among closely related species (Pagel’s λ = 1.00, 
CI  =  0.44–1.00 for surface-filtering species; Pagel’s λ  =  1.00, 
CI =0.64–1.00 for pursuit-diving species). 

DISCUSSION

Introduced predators at breeding sites, coupled with sustained 
and intensifying human pressures in the oceans such as fisheries 
bycatch, plastic ingestion, and climate change/prey depletion, are 
responsible for seabird population declines globally (Paleczny 
et al. 2015, Dias et al. 2019, Rodríguez et al. 2019). We used a 
population model developed specifically for data-deficient species 
together with comparative phylogenetic analyses to evaluate the 
impact of marine threats to the recovery of seabirds after predator 
eradication, a key conservation strategy that has resulted in the 
recovery of seabirds worldwide (Jones et al. 2016). Specifically, 
we expected that cumulative mortality from multiple marine threats 
exceeds population recovery after predator eradication (H1) and 
that the shared traits between species can inform the risk of a 
species to multiple marine threats (H2). We suggest that for most 
seabird colonies examined here (14 out of 16, or 88%), recovery 
is not expected to be inhibited by cumulative marine threats, 
thereby disproving H1. Phylogenetic traits may be useful to infer 
risk from fisheries or plastic ingestion; however, we were not able 

to use them to predict the impact of cumulative marine threats on 
colony recovery in the absence of predation, thereby disproving H2. 
The impacts of multiple marine threats are likely to occur at the 
individual level and species level and to be colony-specific (Fig. 2). 
This means that a more active colony-based conservation approach 
will be needed to ensure the benefits of predator eradication are 
maintained in the face of increasing marine pressures. 

Mortality from marine threats for the species in our analysis was 
predominantly driven by fisheries bycatch (Fig.  2). Indeed, all 
of these species are often reported as bycatch in recreational and 
commercial fishing activities (Belda & Sánchez 2001, Genovart 
et al. 2017, Richard et al. 2017). Globally, long-line and gillnet 
fisheries are dominant sources of adult mortality for surface-
filtering and pursuit-diving species (Bærum et al. 2019, Rodríguez 
et al. 2019). There are behavioural influences that impact seabird-
fishery interactions, but we were unable to capture them in our 
model. For example, some species are more gregarious when 
foraging, so interactions with fisheries operations or other human 
activities are likely to cause additional adult mortalities (Genovart 
et al. 2017). Likewise, immature birds have a higher probability 
of dying as fisheries bycatch than breeding adults (Genovart et 
al. 2017). Finally, abiotic factors also influence the level of risk 
from fisheries interactions at the individual level; for example, 
different levels of mortality are expected with the type of fishing 
gear (Genovart et al. 2017). C. diomedea in the Mediterranean is 
severely impacted by fisheries (Fig. 2), which contributes the most 
to its high risk ratio in comparison to other species analysed here. 

Theory predicts that species with extensive ranges may be more 
resilient to environmental stressors and adult mortality (Sæther 
& Engen 2010, Paniw et al. 2018, Cooke et al. 2019). Large 
at-sea distributions mean that when environmental or foraging 
conditions are poor, highly mobile seabirds are able to move to 

Fig. 4. The log of the annual mortality threshold (AMT) serves as a basis to predict the IUCN RedList status of the examined 81 seabird 
species (A). The log of the AMT is also predicted by key ecological predictors of the log of at-sea distribution, that is, breeding and non-
breeding range (B) and mean adult body mass (C). The AMT is the maximum number of breeding adults that can be removed annually from 
a population without causing it to decline. Groupings and colours correspond to the IUCN Red List status: Least Concern (LC) is dark green; 
Near Threatened (NT) is light green; Vulnerable (VU) is yellow; Endangered (EN) is orange; Critically Endangered (CR) is red. Letters on 
top of each IUCN group in panel A are post-hoc Tukey scores; when two groups do not share the same letter, their annual mortality threshold 
scores are statistically different at P < 0.05 (see Appendices and Table A2). (B) and (C) contain the phylogenetic generalised least squares for 
the relationship between the AMT and at-sea distribution (log-scale); Pagel’s λ = 0.83, 95% confidence interval 0.42–0.98, F-ratio = 19.14, 
df = 79, P < 0.001), and mean adult body mass (Pagel’s λ = 0.52, confidence interval 0.06–0.87, F-ratio = 4.05, df = 79, P < 0.001).
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more favourable foraging or breeding grounds (Weimerskirch 2002, 
Giudici et al. 2010). However, following predator eradication, the 
opposite was true here: species in our analysis with large at-sea 
distributions were less resilient. Three closely related species, all 
with extensive at-sea ranges, were the least resilient to marine 
threats following predator eradication: the Mediterranean colony 
of C. diomedea and all four of the Aotearoa New Zealand colonies 
of A. carneipes have range sizes of >  74.3 and 180 million  km2, 
respectively (Jetz et al. 2012, BirdLife International 2020). Other 
research has found that Mediterranean populations of C. diomedea 
would still be in decline, even in the absence of mortality due to 
fisheries bycatch or depredation at their breeding sites (Genovart et 
al. 2017). This suggests that marine threats are severely impacting 
these populations, which is further supported by our results (Fig. 2). 

It may be that species with large range sizes have a greater 
probability of being exposed to multiple, often spatially disparate, 
stressors compared to species with smaller ranges that may 
overlap with fewer stressors. The opposite may also be true for 
specific colonies, as demonstrated by our results with regards to 
C.  diomedea, which has a risk ratio three times greater than any 
other species included in our analysis (Fig. 2). 

Species that forage by surface filtering and pursuit diving are 
thought to be highly vulnerable to fisheries bycatch (Furness 1999, 
Rodríguez et al. 2019) and plastic ingestion (Codina-García et al. 
2013, Lavers et al. 2014). Foraging strategy and prey type have 
been linked to seabirds’ propensity to ingest plastic (Ryan 1987, 
Provencher et al. 2010, Nishizawa et al. 2021). All the species in 
our colony-level analysis are surface foragers or pursuit divers, yet 
only three species were vulnerable to marine threats in the absence 
of invasive predators at their breeding sites. While foraging strategy 
certainly plays a role, mortality from different marine threats is also 
influenced by spatial co-occurrence, individual behaviour (Krüger et 
al. 2019), and distribution of both stressors and birds (Ryan 1987, 
2019). Indeed, the distribution of fishing vessels has been found to 
alter the foraging behaviour and movement patterns of shearwaters 
(e.g., C. diomedea). This results in greater probability of being caught 
as bycatch (Bartumeus et al. 2010, Weimerskirch et al. 2018), which 
is likely the main threat contributing to population declines.

Larger seabirds appear to be more impacted by marine threats. 
This is reflected in the lower AMTs, although this relationship 
is weak, explaining only 9% of the AMT. Mean adult body mass 
is generally a good indicator of extinction vulnerability for birds 
(Gaston & Blackburn 1995). For example, larger birds have been 
found with greater loads of plastics (Wilcox et al. 2015, Ryan 
2019), and the demographic impact of fisheries bycatch is greater 
for albatrosses, large petrels, and shearwaters due to their low 
fecundity, high propensity for interacting with fishing vessels, 
and greater likelihood of getting caught on baited hooks due to 
their larger bills (Rowe 2010, Richard et al. 2017). Other work 
has shown large-bodied seabirds still declined following predator 
eradication (Lavers et al. 2010). 

If at-sea adult mortality is currently higher than we tested here or 
if it increases in the future, then vulnerable species will continue 
to experience disproportionate declines (Genovart et al. 2017). 
Notably, this is the case for C. diomedea in this study (Fig. 2). For 
example, stable isotope analyses suggest either spatial shifts in or 
reduced availability of prey, indicating the potential for intensifying 
impacts from climate change (Bond & Lavers 2014) and prey 

depletion from fisheries competition (Grémillet et al. 2018). Thus, 
if plastic ingestion or climate change result in higher mortality 
than we have estimated here, such as 5% annual mortality in the 
population, declines would likely continue for A.  pacifica, even 
after predator eradication (IUCN 2021). This portends significant 
conservation challenges, even following predator eradication, for 
seabirds highly impacted by marine threats (Dias et al. 2019, 
Rodríguez et al. 2019).

In sum, most seabird populations are expected to recover from 
the impacts of invasive predators despite adult mortality caused 
by anthropogenic activities in the oceans. Using phylogenetically 
shared traits to predict which species are more impacted by multiple 
marine threats is not straightforward, particularly in the absence of 
depredation at breeding colonies. While our phylogenetic analysis 
results align with the consensus on vulnerability, there are colony-
level contradictions and species-specific responses to the population 
impacts of marine threats. Therefore, systematic population surveys 
after predator eradications to detect both colony recovery rates 
and how marine threats may be affecting a population are critical 
elements of a seabird island restoration project. 
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